Manufacturing of perfluorooctanoic acid (PFOA), a synthetic chemical with a long half-life in humans, peaked between 1970 and 2002, and has since diminished. In the United States, PFOA is detected in the blood of N99% of people tested, but serum concentrations have decreased since 1999. Much is known about exposure to PFOA in drinking water; however, the impact of non-drinking water PFOA exposure on serum PFOA concentrations is not well characterized. The objective of this research is to apply physiologically based pharmacokinetic (PBPK) modeling and Monte Carlo analysis to evaluate the impact of historic non-drinking water PFOA exposure on serum PFOA concentrations. In vitro to in vivo extrapolation was utilized to inform descriptions of PFOA transport in the kidney. Published by Elsevier Inc.
Introduction
Perfluorooctanoic acid (PFOA) is a synthetic chemical comprised of a fully fluorinated eight carbon chain with a carboxylic acid functional group. Interest in PFOA has increased since the turn of the century, in part due to evidence that PFOA is highly environmentally and biologically persistent and that it has a much longer biological half-life in humans than in laboratory animals. The discovery that people living near a PFOA manufacturing facility in the Mid-Ohio River Valley had serum PFOA concentrations higher than the general United States Population (Frisbee et al., 2009 ) has also increased interest. Some, but not all studies in humans have shown that exposure to PFOA may affect the developing fetus and child, including possible changes in growth (Darrow et al., 2013; Johnson et al., 2014) , learning, and behavior (Stein and Savitz, 2011; Stein et al., 2014) . In addition, PFOA exposure may be associated with various reproductive effects (Stein et al., 2009; Savitz et al., 2012; Darrow et al., 2013) , increased cholesterol (Steenland et al., 2009b; Frisbee et al., 2010) , altered immune function (Grandjean et al., 2012; Steenland et al., 2013) , and increased cancer risk Steenland and Woskie, 2012; Barry et al., 2013; Nicole, 2013) .
The manufacture and use of PFOA began in the 1950s, reached a peak between 1970 and 2002, and has diminished since then (DeWitt, 2015) . PFOA is both hydrophobic and lipophobic (DeWitt, 2015) and has been used in the manufacture of many consumer products including fast food wrappers, pizza boxes, nonstick cookware, and stain resistant coatings used on carpets and other fabrics (ATSDR, 2016b) . As a result, human PFOA exposure has historically occurred through contact with Toxicology and Applied Pharmacology 330 (2017) 9-21 these products, consumption of foods and beverage packaged in these materials, and ingestion of contaminated drinking water. Additionally, precursor compounds including 1H,1H,2H,2H-perfluorodecanol (8:2 FTOH) have been shown to degrade to form PFOA (Dinglasan et al., 2004) . Therefore, past exposure to 8:2 FTOH could also result in the accumulation of PFOA in the serum (Henderson et al., 2007) . As production of PFOA and its precursors has decreased in the United States, PFOA serum concentrations measured in the general United States population have decreased (Kato et al., 2011) , indicating that these exposures have also decreased over time.
PFOA is highly stable, not readily degraded by strong acids or oxidizing agents, and does not undergo photolysis (DeWitt, 2015) . As a result, PFOA does not biodegrade in the environment (Prevedouros et al., 2006) . Although PFOA and its precursors are no longer manufactured or used in the United States, many communities are still exposed as a consequence of persisting environmental contamination that occurred when the chemical was made, used, or disposed of (Frisbee et al., 2009) . While exposures to PFOA via contact with consumer products appear to be decreasing, PFOA and other per-and polyfluoroalkyl substances (PFAS) are regularly detected in municipal drinking water supplies, private drinking water wells, and recreational waters located in areas where PFAS were manufactured or used (Holzer et al., 2008; ATSDR, 2013; Winquist et al., 2013; USEPA, 2016) .
PFOA is readily absorbed in the gastrointestinal tract (Butenhoff et al., 2004b; Andersen et al., 2006) , highly bound to human serum albumin (Wu et al., 2009; Salvalaglio et al., 2010) , not metabolized (Ophaug and Singer, 1980; Butenhoff et al., 2004a; Kennedy et al., 2004; Fasano et al., 2006) , and excreted unchanged primarily via the kidneys (Han et al., 2012) . The biological half-life of PFOA is much longer in humans (2-4 years) than in rats (2 h-6 days) (Butenhoff et al., 2004b; Andersen et al., 2006; Fasano et al., 2006; Olsen et al., 2007; Lou et al., 2009; Bartell et al., 2010; Tatum-Gibbs et al., 2011) . This is thought to be the consequence of species-dependent differences in hormonal regulation of organic anion transporters (OATs) in the proximal tubule cells of the kidney. In vitro studies have demonstrated that OAT1 (Slc22a6) and OAT3 (Slc22a8) mediate transport of PFOA through the basolateral membrane of the proximal tubule cells and facilitate renal excretion (Nakagawa et al., 2007) . OAT4 (Slc22a11) and urate transporter 1 (URAT1, Slc22a12) have been shown to mediate transport of PFOA through the apical membrane of the proximal tubule cells and to facilitate the reabsorption of PFOA back into the blood (Nakagawa et al., 2009; Yang et al., 2010) .
Because PFOA clearance from the serum is very slow in humans, past exposures may be an important determinant of current serum concentrations. Exposure to PFOA via contaminated drinking water is well characterized in many communities (Holzer et al., 2008; Frisbee et al., 2009; Bartell et al., 2010; USEPA, 2016) . However, data on PFOA exposure via air, dust, and food are sparse, in part due to the analytical challenges of measuring trace amounts of PFOA in environmental media (Lorber and Egeghy, 2011) . Thus characterization of past non-drinking water exposure to PFOA is challenging. Previous efforts include "forward-based" approaches in which concentrations are measured in environmental media and combined with contact rates to estimate intake (Fromme et al., 2009) , and market basket surveys (Tittlemier et al., 2007; Ericson et al., 2008) .
Pharmacokinetic modeling is a useful tool for a "backward-based" assessment of exposure to PFOA (Lorber and Egeghy, 2011) by which measured serum PFOA concentrations can be analyzed to predict past exposure levels. Previous efforts to model PFOA exposure in humans include PBPK models that describe resorption kinetics by non-specific renal transporters in a filtrate compartment (Loccisano et al., 2011; Fabrega et al., 2014) . The work presented here improves upon these models through the incorporation of in vitro to in vivo informed extrapolation of experimentally measured kinetic descriptors of specific OATs that play a role in the renal excretion and reabsorption of PFOA.
Because of increased monitoring for PFAS in municipal drinking water systems and private wells, many communities have recently discovered that their drinking water supplies are contaminated with PFOA. Serum biomonitoring for PFOA and other PFAS has increased dramatically in response to demands from concerned communities. Interpretation of what these biomonitoring data suggest about mitigation needs is challenging. Through the application of Monte Carlo analysis, the PBPK model for human exposure to PFOA sheds light on the impact of historical non-drinking water PFOA exposures on current serum PFOA concentrations in two exposed populations in the United States. This work informs the interpretation of human biomonitoring data.
Methods

Key studies
Measured serum PFOA concentrations, collected from communities located near PFAS manufacturing facilities in North Alabama and the Mid-Ohio River Valley, were used for calibration and evaluation of the PBPK model for adult PFOA exposure.
North Alabama
ATSDR measured serum PFOA concentrations in community members living in Lawrence, Morgan, and Limestone Counties in North Alabama (ATSDR, 2013; ATSDR, 2016a) . Blood samples were collected in 2010 and again in 2016. Forty-five people provided blood samples at both sampling times. Thirty-nine of these participants reported that their primary drinking water source is the West Morgan East Lawrence Municipal Water Authority. The remaining six were excluded from PBPK analysis because they reported drinking primarily bottled water, or water from a municipal system without detectable level of PFOA. The West Morgan East Lawrence Municipal Water Authority is downstream of several PFAS manufacturing facilities and PFOA has been regularly detected in finished water samples. The average PFOA concentration in finished water samples collected between 2010 and 2016 as a part of the EPA's Third Unregulated Contaminant Monitoring Rule (UCMR3) and through regular monitoring by the Alabama Department of Environmental Management was 0.04 μg/L (USEPA, 2016).
Mid-Ohio River Valley
The population living around the DuPont Washington Works facility in the Mid-Ohio River Valley is one of the most well studied PFOA-exposed human populations (Frisbee et al., 2009) . Evidence suggests that the water supplies in this area were contaminated with PFOA and other PFAS as a result of industrial releases from the Washington Works facility into the Ohio River, a primary source of public drinking water (Frisbee et al., 2009 ). This also resulted in contamination of the water table and aquifer systems that feed private drinking water wells (Frisbee et al., 2009) . Measured serum PFOA concentrations from three large studies (Emmett et al., 2006; Steenland et al., 2009a; Bartell et al., 2010) in this area were used to develop the human PBPK model for PFOA exposure described here. Given that PFOA was manufactured in the Mid-Ohio River Valley beginning in 1951 and exposure has likely occurred in this community for several decades, measured serum PFOA concentrations were assumed to be at steady state prior to the introduction of granular activated carbon (GAC) filtration in 2007. When engineered and maintained properly, GAC filtration is an effective method for removal of PFOA. Concentrations of PFOA in drinking water were below detection limits in this community following GAC filtration implementation (Bartell et al., 2010) . Bartell et al. (2010) collected blood samples from people in the MidOhio River Valley between May 2007 and August 2008. Forty participants reported that the Little Hocking Water Association was their primary source of drinking water and 132 participants reported that the Lubeck Public Service District was their source of primary drinking water. Both of these water systems had detectable levels of PFOA. In 2007, both water systems implemented GAC filtration to remove PFOA from the water. Baseline blood samples were collected before the introduction of filtration and approximately 1, 2, 3, 6, and 12 months following the initial blood draw. Filtration was implemented at the Little Hocking Water Association approximately five months after baseline blood samples were collected. Filtration was implemented at the Lubeck Public Service district less than one month after baseline blood samples were collected. Pre-filtration water samples from the Little Hocking Water Association had PFOA concentrations ranging from 1.9 to 4.9 μg/L during the study period, while post-filtration concentrations were all nonquantifiable or nondetectable (b 0.016 μg/L). Pre-filtration water samples from the Lubeck Public Service district had PFOA concentrations ranging from 0.41-1.0 μg/L, while post-filtration water concentrations were all below the quantification limit (Bartell et al., 2010) . Steenland et al. (2009a) collected blood samples from 64,251 MidOhio Valley residents in 2005-2006 as part of the C8 Health Project, a survey conducted in response to a class-action lawsuit alleging health damage as a result of human exposure to PFOA in the drinking water supply (Frisbee et al., 2009; Steenland et al., 2009a) . Measured serum PFOA concentrations were stratified by drinking water district. 8390 participants resided in the Little Hocking Water district at the time of sample collection. All blood samples were collected before granular activated carbon filtration was implemented. Steenland et al. (2009a) Emmett et al. (2006) reported concentrations of PFOA in drinking water ranging from 1.5 μg/L to 7.2 μg/ L, with a mean concentration of 3.55 μg/L. All blood samples were collected prior to implementation of granular activated carbon at the Little Hocking Water Association.
Human PBPK model development
A previously published PBPK model for PFOA exposure in male and female rats (Worley and Fisher, 2015) was used as a starting point for development of a PBPK model for adult human exposure to PFOA. The rat model included physiologically based descriptions of the basolateral and apical transporters associated with renal excretion and renal reabsorption in order to predict PFOA serum kinetics in adult rats. To parameterize the human model, species-specific kinetic model parameters were scaled from rat to human based on data available in the literature.
Following calibration and evaluation of the deterministic model, Monte Carlo analysis was incorporated in order to account for variability of the most sensitive model parameters, including pharmacokinetic parameters, as well as measures of drinking water and non-drinking water exposure.
PBPK model structure
The structure of the model is shown in Fig. 1 . The model contains compartments for plasma, liver, a lumped compartment representing the rest of the body tissues, a three-compartment kidney comprised of the kidney serum, proximal tubule cells, and kidney filtrate, and a non-physiological description of the gastrointestinal tract (stomach, small intestine).
PFOA is introduced via drinking water and non-drinking water ingestion directly into the stomach. Drinking water exposures are accounted for using measured drinking water concentrations (exposeddw, μg/L). Drinking water intake rate (drinktotal, L/day) was set to the consumer only mean estimate for adults (N 21) as reported in the 2011 USEPA Exposure Factors Handbook (USEPA, 2011). Nondrinking water exposure is treated as a continuous ingestion rate (ingest, μg/h). Absorption occurs in the stomach and small intestine. Absorbed PFOA is carried to the liver in the serum and then enters systemic circulation. PFOA is excreted in the urine, bile, and feces. Fig. 1 . Structure of PBPK model for PFOA in the adult human. PFOA is introduced via drinking water and non-drinking water ingestion into the stomach.
Renal excretion and reabsorption is described with a three-compartment kidney. PFOA in the kidney blood moves directly into the filtrate via glomerular filtration (GFR) or undergoes active transport into the proximal tubule cells facilitated by basolateral transporters. Transport of PFOA from the kidney blood into the proximal tubule cells is a nonlinear process described using Michaelis-Menten parameters, Vmax_baso (μg/h) and Km_baso (μg/L). PFOA in the filtrate is either excreted in the urine via first-order rate constant, kurine (/h), or reabsorbed back into the proximal tubule cells via active transport through apical membrane transporters. Active transport of PFOA from the filtrate into the proximal tubule cells is also a non-linear process described using Michaelis-Menten parameters, Vmax_apical (μg/h) and Km_apical (μg/L). Diffusion of PFOA into and out of the proximal tubule cells is described by a first-order rate constant, kdif (L/h). Efflux of PFOA from the proximal tubule cells back into systemic circulation is described by a first-order rate constant, kefflux (/h).
Model code was written and simulations were performed using AcslX modeling software (AEgis Technologies, Huntsville, AL, version 3.1.4.2). Model code is available in the Supplementary materials.
Physiological parameters
Physiological parameters used in the model are shown in Table 1 . Study-specific body weights (BW, kg) were used for simulations when available. When not available, the default body weight (i.e., 80 kg) reported for the general US population (aged 21 and older) were used (USEPA, 2011) . Parameter values reported in the literature were used to parameterize fractional tissue volumes (Davies and Morris, 1993; Brown et al., 1997) and plasma flows (Brown et al., 1997) , cardiac output (Forsyth et al., 1968) , and glomerular filtration (Corley et al., 2005) . Cardiac output was scaled to body weight raised to the ¾ power (BW 0.75 ), tissue volumes were scaled to body weight (BW), and glomerular filtration was scaled to kidney weight. Because PFOA does not partition into red blood cells, blood flow rates were adjusted to plasma flow rates by multiplying blood flow by 1 -hematocrit to describe the kinetics of PFOA in plasma (Davies and Morris, 1993; Brown et al., 1997) .
Chemical specific parameters
Chemical specific parameters used in the model are shown in Table 2 and described in detail below.
Free Fraction
PFOA is highly bound (N90%) to human serum albumin (Han et al., 2003) . Only the free fraction is available for partitioning into tissues and distribution throughout the body (Andersen et al., 2006; Tan et al., 2008) . This was described in the model using a free fraction constant (Free, unitless) that was multiplied by the amount of PFOA moving into and out of each compartment. Thus, only the unbound PFOA was able to partition into tissues, engage in active or passive transport, or be excreted from the body. The free fraction used in this model is consistent with past modeling efforts (Andersen et al., 2006; Loccisano et al., 2011) .
Uptake and elimination
Uptake of PFOA was described using a two-compartment gastrointestinal tract. Uptake in the stomach and small intestine was described using first-order rate constants k0c (/h/kg ) reported in the literature (Yang et al., 2014) was used to describe the rate at which PFOA was transferred from the stomach into the small intestine. Elimination occurred in the urine, feces, and bile. Renal excretion from the filtrate was described with a first-order rate constant, kurinec (/h/kg −0.25 ), which was fit to experimental data (see Model Calibration). Unabsorbed PFOA was excreted in the feces, as described by first-order rate constant,
). PFOA is susceptible to biliary excretion. Experimental evidence suggests that this is not a significant excretion pathway (Butenhoff et al., 2004b) ; however, it was included in the model for completeness. Excretion of PFOA into the feces via the bile was described with first-order rate constant, kbilec (/h/kg −0.25 ). K0c, kabsc, kurinec, kunabsc, and kibilec were fit to experimental data (see Model Calibration). K0c, kabsc, kunabsc, keffluxc, kbilec, kurinec, and GEC were scaled to body weight (BW
).
Tissue partitioning
Tissue:plasma partition coefficients for PFOA in the kidney (PK) and liver (PL) were estimated from experimental data from autopsy tissues collected from people who lived in Tarragona County, Catalonia, Spain (Perez et al., 2013; Fabrega et al., 2014) . The tissue: plasma partition coefficient for PFOA in the rest of body (PR) was estimated from serum and tissue data collected from male Wistar rats (Kudo et al., 2007) . Rats were administered a single intravenous dose of either 0.041 mg/kg bodyweight or 16.56 mg/kg body weight [ 14 C] PFOA and serum and tissue samples were collected 2 h later. Concentrations measured in body tissues following the low dose administration were used to calculate PR for use in the model (Kudo et al., 2007; Loccisano et al., 2011) .
Transport in the kidney compartment
In vitro to in vivo extrapolation was applied to inform the derivation of Michaelis-Menten parameters governing the active transport of PFOA by basolateral and apical membrane transporters in the proximal tubule cells, as described previously (Worley and Fisher, 2015) .
In vitro measurements of Vmax for uptake of [ 14 C] PFOA by recombinant OAT1 and OAT3 expressed in human embryonic kidney (HEK293) cells (Nakagawa et al., 2007) were averaged and translated into an in vivo parameter (Vmax_baso) by multiplying with a relative activity factor (RAFbaso) and an estimated mass of proximal tubule cells (protein) (Nakagawa et al., 2007) were averaged and used directly in the model (Km_baso).
In vitro measurement of Vmax for uptake of [ 14 C] PFOA by OAT4 expressed in HEK293 cells (Yang et al., 2010) was translated into an in vivo parameter (Vmax_apical) by multiplying with a relative activity factor (RAFapical) and an estimated mass of proximal tubule cells (protein) based on an estimated 60 million proximal tubule cells/g kidney (Hsu et al., 2014 Experimental data was not available to parameterize RAFbaso and RAFapical; these parameters were fit to experimental data (see Model Calibration).
Model calibration
Serum PFOA concentrations measured in community members living in North Alabama in 2010 and 2016 who reported drinking water from the West Morgan East Lawrence Municipal Water Authority (ATSDR, 2016a) were used to calibrate the deterministic PBPK model (n = 39). For all calibration simulations, the non-drinking water ingestion rate was set to 0.01 μg/h, equivalent to the background PFOA exposures estimated for the general population of western countries (Fromme et al., 2009 ). The drinking water exposure concentration was set to 0.04 μg/L, the average PFOA concentration reported in finished water from the West Morgan East Lawrence Municipal Water Authority between 2010 and 2016 (Poolos, 2016) . Blood samples were collected in this population in April 2010 and January-February 2016, while granular activated carbon filtration was installed in SeptemberOctober 2016. As a result, the PFOA drinking water concentration was held constant during model calibration.
To reduce the simulation time, preliminary simulations were run to near steady state (approximately 30 years). The amount of PFOA in each model compartment was then used as the initial condition for subsequent calibration simulations. Simulations were run to achieve serum PFOA concentrations at the beginning of the model simulation (time = 0) equal to the geometric mean serum PFOA concentrations measured in 2010. Body weight and urinary void rate (kvoid, L/h) were set to the average values of people from whom blood samples were collected (ATSDR, 2016a). The model was then run for the duration between the collection of blood samples in 2010 and 2016 (5.75 years). Parameter values for which data were not available were adjusted in order to achieve predicted serum PFOA concentrations measured in 2016. Four parameters that govern renal excretion and reabsorption (keffluxc, kurinec, RAFapical, and RAFbaso), two parameters that govern absorption in the gastrointestinal tract (k0c, kabsc), and two parameters that govern biliary and fecal elimination (kbilec, kunasbsc) were fit to this experimental data.
The initial value for each of these parameters was set to the value used in the PBPK model for PFOA exposure in the male rat (Worley and Fisher, 2015) . Parameter values were then varied simultaneously in order to achieve a consistent description of the experimental data collected in North Alabama in 2010 and 2016.
Model evaluation
The PBPK model for human exposure to PFOA was evaluated using serum PFOA concentrations measured in blood samples from people living in the Mid-Ohio River Valley. Three studies (Emmett et al., 2006; Steenland et al., 2009a; Bartell et al., 2010) were used for evaluation of the deterministic model.
Bartell et al., 2010
Serum PFOA concentrations measured in blood samples collected at six time points from people who drank water from the Little Hocking Water Association or the Lubeck Public Service District were used for evaluation of the model (Bartell et al., 2010) . Data from this study's manuscript were digitized from using GetData Graph Digitizer version 2.26.0.20.
In the population who drank water from the Little Hocking Water Authority (n = 40), the first four blood samples were collected approximately 5, 4, 3, and 2 months prior to introduction of GAC filtration. The remaining two blood samples were collected approximately 1 and 7 months after the introduction of GAC filtration. To evaluate the ability of the model to predict these serum PFOA concentrations, the model was run to simulate exposure to PFOA in drinking water at the high (4.9 μg/L) and low (1.9 μg/L) end of the reported range of drinking water concentrations in this system for approximately 30 years. The drinking water concentration was then changed to 0.0 μg/L five months after the first blood sample was collected, corresponding to the point at which GAC filtration was introduced. Non-drinking water ingestion was set to 0.01 μg/h, equivalent to estimated background exposures for people living in western countries (Fromme et al., 2009) , and held constant. Measured time course serum PFOA concentrations were overlaid with model predictions.
In the population who drank water from the Lubeck Public Service District (n = 132), the first blood sample was collected less than one month prior to the introduction of GAC filtration, while the remaining five blood samples were collected approximately 1, 2, 3, 6 and 12 months later. To evaluate the ability of the model to predict these serum concentrations, the model was run to simulate a 30 year exposure to PFOA in drinking water at the high (1.0 μg/L) and low (0.41 μg/L) end of the reported range in the Lubeck Public Service District. The drinking water concentration was changed to 0.0 μg/L one week after the first blood sample was collected, corresponding to the introduction of GAC filtration. Non-drinking water ingestion was set to 0.01 μg/h, equivalent to estimated background exposures for people living in western countries (Fromme et al., 2009) , and held constant. The measured time course serum PFOA concentrations were overlaid with model predictions.
Steenland et al., 2009a,b
Serum PFOA concentrations measured in 8930 people who lived in the Little Hocking Water District (Steenland et al., 2009b) were used to validate the predictive ability of the model. The study authors did not report drinking water concentrations for the Little Hocking Water District, however estimates from other studies of this water system at the time of blood sample collection report that concentrations ranged from 1.5 to 7.2 μg/L, with a mean concentration of 3.55 μg/L (Emmett et al., 2006) . In order to evaluate the ability of the model to predict serum PFOA concentrations measured by Steenland et al. (2009a) , simulations were run with drinking water concentration equal to the high and low ends of this reported range, as well as the mean. Simulations were run for 50 years to simulate the likely long-term exposure that occurred in this community and to achieve steady-state serum PFOA concentrations. Non-drinking water ingestion was again set to 0.01 μg/h and held constant. The published data from (Steenland et al., 2009a) were digitized using GetData Graph Digitizer version 2.26.0.20. The measured serum PFOA concentrations were overlaid with model predictions. Emmett et al., 2006) . To evaluate how well the model predicted the serum PFOA concentrations reported in this study, the measured PFOA serum concentrations were compared to simulations of exposure to drinking water concentrations at the low end (1.5 μg/L), mean (3.55 μg/L), and high end (7.2 μg/L) of the reported range. Simulations were run for over 30 years in order to replicate the long-term exposure that occurred in this community and to achieve steady-state serum PFOA concentrations. Non-drinking water ingestion was held constant at 0.01 μg/h for all simulations. The measured serum PFOA concentrations were overlaid with model predictions.
Sensitivity analysis
A sensitivity analysis was performed in order to determine the impact of each parameter on the predicted serum PFOA concentration. Sensitivity coefficients were determined based on the steady-state serum concentrations resulting from a 1% change in the value of each parameter using the forward difference method. Sensitivity coefficients were normalized using the following equation
where A is the steady-state serum concentration resulting from a 1% increase in the parameter value, B is the steady-state serum concentration resulting from the initial parameter value, C is the value of parameter increased by 1%, and D is the initial parameter value. Simulations were run for thirty years with drinking water concentration set to high (3.55 μg/L) and low (0.04 μg/L) levels and non-drinking water ingestion rate set to 0.01 μg/h.
Monte Carlo analysis
Monte Carlo analysis was incorporated into the human PBPK model in order to evaluate the impact of parameter variability on predicted serum PFOA concentration in the populations under study. Parameters identified as sensitive and parameters that describe past and current drinking water and non-drinking water exposures were randomly varied based on a predefined distribution, with the mean values set to those determined during model calibration. The net effect to the model output because of the uncertainty of the sensitive parameter values and exposure levels could then be investigated in terms of probability distributions (Zhang et al., 2007) .
Parameter distributions can be seen in Table 3 . When information on the distribution of a parameter was lacking, a medium CV and lognormal distribution were assumed as suggested previously, which resulted in a wider range of parameter values and model outputs (Zhang et al., 2007) . Normal distributions, N(μ,σ 2 ) with mean μ and standard deviation σ, were assumed for the mass of protein in the proximal tubule cells (protein), the volume of the liver (VLC), and the volume of the filtrate (VfilC) Allen et al., 2007; Mielniczuk et al., 2008; Delanaye et al., 2012; Shankaran et al., 2013) . Lower and upper bounds for normally distributed parameters were calculated as μ ± 1.96σ (95% of the distribution). Lognormal distributions were assumed for body weight (BW), glomerular filtration (GFRC), chemical specific parameters (PL, Vmax_apical_invitro, Km_apical, RAFapi, kbilec, kurinec, and Free) (Burmaster and Crouch, 1997; Clewell et al., 1999; Delic et al., 2000; Nakagawa et al., 2007; Portier et al., 2007; Yang et al., 2010; Fabrega et al., 2014; Levey et al., 2014) and exposure parameters (exposeddw, dwtotal, ingest) (Shumway et al., 2002; Bartell et al., 2010; USEPA, 2011; Poolos, 2016) . For a skewed model parameter with mean and standard deviation of m and s, the log transformation yields a normally distributed variable with mean and standard deviation of μ p and σ p (Zhang et al., 2007) . The derivation of the 95% probability interval is the same as that for the normal distribution (μ p ± 1.96 σ p ), where
A minimum of 2000 iterations were adequate to ensure the reproducibility of the mean, median and SD of the output distributions.
For simulation of the exposure occurring in the Mid-Ohio Valley, body weights for adults aged 20 years and older as reported in the National Health and Nutrition Examination Survey (NHANES) (Ogden et al., 2004) were truncated at the 2.5th and 97.5th percentiles and used to determine the 95% distribution for this parameter Shankaran et al., 2013; Sterner et al., 2013) . For simulation of the exposure occurring in North Alabama, measured body weights (ATSDR, 2016a) were used to determine the probabilistic distribution.
To establish the probabilistic distributions for GFRC, protein, VLC, kurinec, and VfilC, a coefficient of variation (CV, the ratio of standard deviation to the mean) of 30% was assumed and used to calculate upper and lower bounds. Probabilistic distributions for Vmax_apical_invitro and Km_apical were determined using standard deviations reported in the literature (Nakagawa et al., 2007; Yang et al., 2010) . A CV of 20% was used to determine the distribution for PL, while a CV of 30% was used to determine the distributions for all other chemical specific parameters (Delic et al., 2000; Tan et al., 2006; Shankaran et al., 2013) .
For simulation of exposure occurring in the Little Hocking water district of the Mid-Ohio River Valley, the mean drinking water concentration reported by the Little Hocking Water Association (3.55 μg/L) was used as the central tendency for drinking water concentration (exposeddw) (Emmett et al., 2006) . A central tendency of 0.01 μg/h was used for non-drinking water ingestion (ingest). The probabilistic distribution for both was determined using a CV of 30%.
For simulation of exposure occurring in North Alabama, the average PFOA concentration in finished water samples collected at the West Morgan East Lawrence Municipal Water Association between 2010 and 2016 (0.04 μg/L) (Poolos, 2016) was used as the central tendency for drinking water concentration (exposeddw) and the probabilistic distribution was determined using a CV of 30%. The drinking water concentration was held constant for all simulations.
In order to describe potential changes in non-drinking water exposures in North Alabama over time, distributions were determined separately for the non-drinking water ingestion occurring prior to the collection of the first blood sample in 2010 (ingest_past) and for the non-drinking water ingestion occurring between the collection of the first and second blood sample (ingest_current). To determine the central tendency of past non-drinking water ingestion exposure, ingest_past was fit to the geometric mean serum PFOA concentration measured in blood samples collected in 2010 from individuals with drinking water from the West Morgan East Lawrence system. A central tendency of 0.01 μg/h was used for non-drinking water ingestion occurring between 2010 and 2016 (ingest_current). The probabilistic distribution for both was determined using a CV of 30%. To determine upper and lower bounds for ingest_past, the non-drinking water ingestion rate was fit to the highest and lowest serum PFOA concentrations measured in the 2010 blood samples. Parameter distributions for ingest_past and ingest_current can be seen in Table 3 .
In order to evaluate the importance of the contribution of non-drinking water ingestion exposure to serum PFOA concentration, Monte Carlo analysis of exposure occurring in the North Alabama community was also conducted with non-drinking water exposures held constant over time. For these simulations, the central tendencies of ingest_past and ingest_current were both set to 0.01 μg/h, and the probabilistic distribution was determined using a CV of 30%.
For Monte Carlo analysis of simulation of exposure in the Mid-Ohio River Valley, model compartments were loaded such that serum PFOA serum concentrations were at steady state, with all parameter values set to central tendency estimates. The model was then run for 1000 h to ensure that steady-state had been reached. One thousand iterations were run and the 5th percentile, mean, and 95th percentile steadystate serum PFOA concentrations were determined.
For Monte Carlo analysis of simulation of exposure in North Alabama, the model was run for 60 years and 1000 iterations. In order to reduce computing demands, the 5th percentile, geometric mean, and 95th percentile serum PFOA concentrations were predicted only for the two time points that corresponded to the blood sample collection in 2010 and 2016.
Results
Model calibration
Model calibration was conducted using serum PFOA concentrations measured in individuals from North Alabama who reported that their primary source of drinking water was the West Morgan East Lawrence Water Authority in both 2010 and 2016 (n = 39). A comparison of the predicted and measured serum PFOA concentrations can be seen in Fig. 2 . The predicted serum PFOA concentrations were in excellent agreement with measured data at both time points following calibration. Calibrated values for RAFapi and RAFbaso were 0.007 and 1.0, respectively. The ratio of RAFapi to RAFbaso is smaller in the human model (0.007) than in similar models for PFOA in the male and female rat (8.6) (Worley and Fisher, 2015) ; however, the rate of urinary ).
Model evaluation
3.2.1. Bartell et al., 2010 . Model simulations of people exposed to drinking water from the Little Hocking Water Association before and after the introduction of GAC filtration were compared to measured serum PFOA concentrations collected at six time points. Results of this comparison can be seen in Fig. 3 . Simulated serum PFOA concentrations at both drinking water concentrations underestimated measured serum PFOA concentrations at all time points; however, simulation of exposure to drinking water with 4.9 μg/L PFOA were within two-fold of the measured 50th percentile and within the interquartile range.
Model simulations of people exposed to drinking water from the Lubeck Public Service District before and after the introduction of GAC filtration were compared to measured serum PFOA concentrations at six time points. The results of this comparison can be seen in Fig. 4 . Simulated serum PFOA concentrations at both drinking water concentrations underestimated measured serum PFOA concentrations at all time points. Predicted serum PFOA concentrations following simulation of exposure to drinking water concentrations of 1.0 μg/L were within two-fold of the measured 50th percentile.
3.2.2. Steenland et al., 2009a,b . Model simulations of people exposed to drinking water from the Little Hocking Water Authority were compared to serum PFOA concentrations measured in samples collected in 2005-2006 as reported by Steenland et al. (2009a) . The results of this comparison can be seen in Fig. 5 . Predicted serum PFOA concentrations resulting from simulation of exposure to drinking water concentrations of the mean level measured in the Little Hocking Water Authority (3.55 μg/L) were in good agreement with the measured mean serum PFOA concentration reported by the authors. Simulations of exposure to PFOA drinking water concentrations at the high end of the reported range (7.2 μg/L) overestimated measured serum PFOA concentrations, Fig. 3 . Model evaluation with time course data collected from people drinking water from the Little Hocking Water Association (n = 40) before and after introduction of GAC filtration (Bartell et al., 2010) . Predicted serum PFOA concentrations following exposure to drinking water with PFOA concentrations at the high (4.9 μg/L) and low (1.9 μg/L) end of the reported range are shown as long and short dashed lines, respectively. 50th percentile of measured serum PFOA concentrations from samples collected at baseline (time = 30 years) and 1, 2, 3, 6, and 12 months later are shown as black circles. Vertical black lines indicate the interquartile range. Fig. 4 . Model evaluation with time course data collected from people drinking water from the Lubeck Public Service District (n = 132) before and after introduction of GAC filtration (Bartell et al., 2010) . Predicted serum PFOA concentrations following exposure to drinking water with PFOA concentrations at the high (1.0 μg/L) and low (0.41 μg/L) end of the reported range are shown as long and short dashed lines, respectively. 50th percentile of measured serum PFOA concentrations from samples collected at baseline (time = 30 years) and 1, 2, 3, 6, and 12 months later are shown as black circles. Black lines indicate the interquartile range. while simulations of exposure to PFOA drinking water concentrations at the low end of the reported range (1.5 μg/L) underestimated measured serum PFOA concentrations.
3.2.3. Emmett et al., 2006 . Emmett et al. (2006 also reported serum PFOA concentrations measured in blood samples collected from people drinking water from the Little Hocking Water Authority. Like Steenland et al. (2009a) , these blood samples were collected in [2005] [2006] . However, the reported mean serum PFOA concentrations measured by Emmett et al. (2006) (mean = 354 μg/L) were significantly higher than those reported by Steenland et al. (2009a) (mean = 227 μg/L) despite being collected at the same time and analyzed by the same laboratory. The measured mean serum PFOA concentration reported by Emmett et al. (2006) was lower than the predicted serum PFOA concentration resulting from simulation of exposure to drinking water with PFOA concentrations at the high end of the reported range (7.2 μg/L), but higher than the predicted serum PFOA concentration resulting from simulation of exposure to drinking water with PFOA concentration equal to the mean reported for the water system (3.55 μg/L). A comparison of predicted and measured serum PFOA concentrations can be seen in Fig. 5. 
Sensitivity analysis
Sensitivity coefficients determined with drinking water concentrations set to high and low levels were very similar. Model parameters with sensitivity coefficients N0.1 were considered sensitive. Physiological parameters with sensitivity coefficients N0.1 were body weight (BW), the volume of the liver (VLC), the volume of the filtrate (VfilC), the amount of protein in the proximal tubule cells (protein), and glomerular filtration rate (GFRC). Chemical-specific parameters with sensitivity coefficients N0.1 included parameters that govern renal excretion and reabsorption (Vmax_apical_invitro, Km_apical, RAFapi, kurinec), as well as the plasma:liver partition coefficient (PL) and the biliary excretion rate (kbilec), and the free fraction (Free). Drinking water concentration (exposeddw) and the total amount of drinking water consumed per day (dwtotal) were also determined to be sensitive. Sensitivity coefficients determined with the drinking water concentration set to both high and low concentrations are available in the Supplementary materials.
Monte Carlo analysis
Monte Carlo simulation of exposure in the Mid-Ohio River Valley varying parameters to account for inter-individual variability and variability in drinking water and non-drinking water exposure can be seen in Fig. 6 .
At steady state, predicted mean serum PFOA concentrations were very similar to the measured mean serum PFOA concentrations reported by Steenland et al. (2009a) (226 μg/L predicted versus 224 μg/L measured). The 25th and 75th percentiles of measured serum PFOA concentrations reported by Steenland et al. (2009a) were within the 90% distribution predicted by the Monte Carlo simulation.
Monte Carlo simulation underpredicted measured serum PFOA concentrations reported by Emmett et al. (2006) . The predicted mean serum PFOA concentration was within two-fold of the measured mean serum PFOA concentration and the measured 25th percentile serum PFOA concentrations fell within the 90% distribution predicted by the Monte Carlo simulation. However, the measured 75th percentile serum PFOA concentration fell outside the 90% distribution predicted by the Monte Carlo simulation.
Measured serum PFOA concentrations reported by Bartell et al. (2010) exhibited a wide range of variability (IQR 91-757 μg/L). Monte Carlo prediction of the mean serum PFOA concentration was not within two-fold of the measured mean serum PFOA concentration (205 μg/L predicted versus 424 μg/L measured) and both the measured 25th percentile and 75th percentile fell outside of the predicted 90% distribution. (Emmett et al., 2006; Steenland et al., 2009a) . Predicted serum PFOA concentrations following exposure to PFOA drinking water concentrations equal to the high end (7.2 μg/L), low end (1.5 μg/L), and mean (3.55 μg/L) of the reported range for the Little Hocking Water Association are shown as solid and dashed black lines. Mean serum PFOA concentrations measured by Steenland et al. (2009a) and Emmett et al. (2006) are shown as the black circle and x, respectively. Corresponding solid black lines indicate the interquartile range. (Emmett et al., 2006; Steenland et al., 2009a; Bartell et al., 2010) . Monte Carlo simulation of exposure in North Alabama varying parameters to account for inter-individual variability and variability in drinking water and non-drinking water exposure can be seen in Fig. 7A . All but one individual measured serum PFOA concentrations from blood samples collected in 2010 fell within the predicted 90% distribution at that time point. Further, the predicted geometric mean serum PFOA concentration was consistent to the measured geometric mean serum PFOA concentration at this time point (24.4 μg/L predicted versus 24.3 μg/L measured). Similarly, all but one individual measured serum PFOA concentration from blood samples collected in 2016 fell within the predicted 90% distribution at that time point and the predicted geometric mean serum PFOA concentration was consistent with the measured geometric mean serum PFOA concentration at that time point (13.4 μg/L predicted versus 12.7 μg/L measured).
In contrast, Monte Carlo simulation of exposure in North Alabama while holding non-drinking water exposure constant over time can be seen in Fig. 7B . When elevated past non-drinking water exposures were not included in the simulation, the model's ability to predict individual data points was reduced. Only 71% of individual data points from 2010 and 93% of individual data points from 2016 fell within the 90% distribution predicted by the Monte Carlo simulation. Additionally, the model underpredicted the mean serum PFOA concentrations in 2010 (10.9 μg/L predicted versus 24.3 μg/L measured) and 2016 (10.9 μg/L predicted versus 12.7 μg/L measured).
Discussion
In an effort to clarify the significance of historical non-drinking water exposures on current serum PFOA concentrations in populations impacted by PFOA manufacturing, we developed a PBPK model for human exposure to PFOA. Monte Carlo simulations were incorporated in order to determine if variability in sensitive model parameters and historical non-drinking water exposures could account for the observed variability in human serum PFOA concentrations.
PFOA manufacturing and use has declined significantly in the United States since the early 2000s (USEPA, 2014). As evidenced by declining serum PFOA concentrations reported by NHANES, exposure to PFOA in the United States was higher in the past, even in communities without contaminated drinking water supplies (Kato et al., 2011) ; however, historic non-drinking water exposures have not been well characterized (Lorber and Egeghy, 2011) . It is also possible that past exposure to PFOA precursors such as 8:2 FTOH have resulted in accumulation of PFOA in human serum. This work demonstrates that these past exposures are important for predicting current PFOA serum concentrations.
This important finding has significant implications for the interpretation of current biomonitoring data in the context of mitigation strategies.
Many municipal water suppliers, private well owners, and those identified as responsible for PFAS contamination have put significant effort and expense towards the clean-up of PFAS contaminated water supplies. These efforts have frequently resulted in the installation of granular activated carbon filters which have successfully reduced exposures to PFOA in drinking water (Bartell et al., 2010) . However, our data support previous findings that serum PFOA concentrations are declining (Kato et al., 2011; Olsen et al., 2017) even in the absence of additional drinking water filtration. Additionally, recent evidence suggests that granular activated carbon filtration may not be as effective for the removal of other PFAS as they are for PFOA (McCleaf et al., 2017; Xiao et al., 2017) . Our data suggest that efforts over the last few decades to reduce the manufacture and use of long-chain PFAS have successfully reduced human exposure to PFOA. However, efforts to characterize and mitigate exposures to other PFAS warrant greater attention in the future.
This work also demonstrates that in vitro to in vivo extrapolation can inform parameter values for incorporation into a PBPK model to describe successfully human PFOA serum kinetics. Past efforts to develop PBPK models of human exposure to PFOA have not incorporated physiologically based descriptions of transporter kinetics. The work described here incorporates recently available in vitro descriptions of the transporters that govern the excretion and reabsorption of PFOA in humans and thereby expands on existing models (Andersen et al., 2006; Loccisano et al., 2011; Fabrega et al., 2014) . While simpler models have successfully predicted serum PFOA concentrations in populations presumed to be at steady-state (Loccisano et al., 2011) , this model allows for simulation of populations with changing patterns of exposure.
Given the important role that transporters play in the disposition of PFOA in the human, incorporation of physiologically based descriptions of global transporter mediated excretion and reabsorption has the potential to improve the utility of PBPK models to explore the behavior of PFOA in humans. Additionally, successful incorporation descriptions of transporter-mediated excretion and reabsorption of PFOA in the PBPK model corroborates previous findings that these processes are critical drivers of clearance and biological half-life in humans. Application of Monte Carlo analysis to account for uncertainty and variability in in vitro to in vivo scaling factors (RAFapi and RAFbaso) demonstrates that reducing uncertainty in the descriptions of transporter mediated excretion and reabsorption of PFOA could improve model predictions.
The model successfully predicted serum concentrations reported by Steenland et al. (2009a) , slightly under predicted serum concentrations reported by Emmett et al. (2006) , and under predicted serum concentrations reported by Bartell et al. (2010) . Despite the fact that blood samples were collected at roughly the same time from populations with the same drinking water source, measured serum PFOA concentrations reported in these three studies exhibited significant variation. Mean serum PFOA concentrations reported by Steenland et al. (2009a) were approximately half of the mean serum PFOA concentrations reported by Bartell et al. (2010) . Thus, a deterministic PBPK model could not successfully predict the central tendency serum PFOA concentrations reported in these three studies with the same model parameter values. This variation could be attributed to many potential differences amongst participants in each study. Differences in bottled water consumption, the source of drinking water provided at work, consumption of food contained in PFOA-containing materials, and proximity to PFOA manufacturing facilities could all contribute to discrepancies in the central tendency serum PFOA concentration across studies of this population. Ultimately, additional data to characterize and quantify both drinking water and non-drinking water exposures would improve model predictions. That said, model predictions were very similar to the mean serum PFOA concentrations reported in the largest study (n = 8390) and predictions were within two-fold of the central tendency serum PFOA concentrations reported in the other two studies. This suggests that the model can successfully describe human PFOA serum kinetics.
Estimates of biological half-life of PFOA in humans range from two to four years (Olsen et al., 2007; Bartell et al., 2010; Zhang et al., 2013; Worley et al., 2017) . The terminal half-life in the presented model was determined by simulating exposure to PFOA for a period of ten years (until steady-state was reached) followed by a period of no exposure. The time necessary for serum PFOA concentrations to decrease by half following interruption of exposure was approximately 2.1 years, which is in agreement with previous estimates. Additionally, evaluation of the amount of reabsorbed PFOA after simulation of exposure to a large range of drinking water concentrations demonstrates that PFOA reabsorption is linear in the range of PFOA drinking water concentrations observed in residential settings (b 400 μg/L. This suggests that saturation of the transporters that mediate PFOA reabsorption does not occur in residential populations exposed to PFOA contaminated drinking water sources. This is similar to previously reported findings in rats, which suggested that very high doses (N 40 mg/kg) were necessary to saturate reabsorption mechanisms (Worley and Fisher, 2015) .
The model output was highly sensitive (sensitivity coefficient N | 0.5 |) to PFOA drinking water concentration, the rate of drinking water consumption, body weight, liver volume, and liver partitioning. Monte Carlo simulations varying sensitive model parameters including parameters that control drinking water and non-drinking water exposures improve upon the deterministic model predictions. Further, Monte Carlo simulations of exposure occurring in North Alabama that include elevated historic non-drinking water exposures predict measured data more successfully than simulations that do not include elevated historic non-drinking water exposures. Together, this suggests that variability in historical non-drinking water exposures may explain observed variation in individual measured serum PFOA concentrations, and that these non-drinking water exposures are an important predictor of serum PFOA concentrations. While drinking water exposures garner significant attention today, historical nondrinking water exposures including the use of consumer products, consumption of food packaged in PFOA-containing materials, as well as exposures to PFOA precursors that degrade to PFOA in the body may have had a larger impact on body burden than previously thought. Given the long biological half-life of PFOA, it is unsurprising that these historic exposures may have a significant impact on current serum concentrations. Thus, current serum PFOA concentrations may be driven by more than just the current concentration of PFOA in drinking water and are likely a product of a complex interaction of individual pharmacokinetic parameters and historical exposure. Measured water PFOA concentrations, which are publicly available in many communities across the United States as a result of the UCMR3, are useful to determine if a population has been exposed to PFOA, and can help determine if exposure mitigation activities have been successful. However, our PBPK model indicates that these measured drinking water concentrations may not be ideal predictors of serum PFOA concentrations. These findings show that the relationship between current serum PFOA concentrations and current drinking water concentrations is complex and likely influenced by past nondrinking water exposures.
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